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a b s t r a c t

Pharmaceutical discharges into the aquatic ecosystem are of environmental concern and sewage treat-
ment plants (STPs) have been pointed out as the major source of these compounds to coastal zones,
where oceanic disposal of sewage occurs through submarine outfalls. Diclofenac (DCF) is one of the most
frequently detected pharmaceuticals in water, but little is known about the effects on marine organisms.
In this study, we employed a tiered approach involving the determination of environmental concen-
trations of DCF in marine water and the adverse biological effects for fertilization, embryo-larval
development and biomarker responses of the mussel Perna perna. Results indicate that effects in
fertilization rate and embryo-larval development were found in the order of mg$L�1. However, low
concentrations of DCF (ng$L�1) significantly decreased the lysosomal membrane stability and COX ac-
tivity, as well as triggered DNA damage, oxidative stress and changes in antioxidant defenses. Our results
point to an environmental hazard at coastal ecosystems and suggest the need for improvements in the
treatment of domestic wastewater aiming to reduce DCF concentrations, as well as regulation on current
environmental legislation and monitoring of aquatic ecosystems.

© 2017 Elsevier Ltd. All rights reserved.
1. Introduction

The marine environment is exposed to a wide range of pollut-
ants associated with anthropogenic sources, such as metals, poly-
cyclic aromatic hydrocarbons, plastic debris and active
pharmaceuticals compounds and their metabolites (Aguirre-
Martínez et al., 2013a; Diniz et al., 2015). Pharmaceutical and
do Mar, Universidade Federal
tos, Brazil.
@unisanta.br (C.D.S. Pereira).
Personal Care Products (PPCPs) have been detected in surface wa-
ters (Hernando et al., 2006), groundwater (Heberer and Feldmann,
2005), drinking water (Rodil et al., 2012), marine water (Pereira
et al., 2016) and Sewage Treatment Plants (STP) were identified as
the major source of water contamination (McClellan and Halden,
2010). Although pharmaceuticals have been detected in the envi-
ronment in trace-concentrations from ng.L�1 to mg.L�1, it has been
demonstrated that they can adversely affect the health status of
aquatic organisms (Aguirre-Martínez et al., 2013b).

Urban sewage is considered a main cause of marine pollution,
especially in coastal areas, due to a high population density. In
these areas, two different alternatives have been adopted for
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disposal of urban sewage: oceanic disposal system through a sub-
marine sewage outfall composed of a pre-conditioning plant; 2)
primary and secondary treatment of effluent waste release in
inland waters. However, some pharmaceuticals are not totally
eliminated because the conventional technology of treatment used
in STPs is insufficient to completely remove these compounds
(Ferrari et al., 2003). Furthermore, the continuous input of phar-
maceuticals into the water can give them a pseudo-persistence
state (Hernando et al., 2006).

One of most frequently detected pharmaceuticals in water is
the Diclofenac (DCF), an anti-inflammatory drug that is widely
used as analgesic, antirheumatic compound, antiarthritic, work-
ing by cyclooxygenase inhibition and thus blocking the prosta-
glandin synthesis (van den Brandhof and Montforts, 2010). DCF
has a Kow¼ 4.5, which makes it a compound with certain lip-
ophilicity, facilitating its bioaccumulation in animal tissues
(Cleuvers, 2004). Several studies have demonstrated that DCF
exposure induces negative effects in non-target organisms such
as alterations and necrosis in trout gills (Hoeger et al., 2005;
Triebskorn et al., 2004), impairment of the osmoregulatory
ability of crabs (Eades and Waring, 2010), lower scope for growth
in mussels (Ericson et al., 2010), bioaccumulation and significant
biomarker responses (Gonzalez-Rey and Bebianno, 2014). More-
over, DCF exposure affected larval development of mussels
(Fabbri et al., 2014), caused deleterious effects in zebrafish em-
bryos (Feito et al., 2012) oxidative stress in crustaceans (G�omez-
Oliv�an et al., 2014) and affected gill integrity and pituitary gene
expression in trout (Gr€oner et al., 2015, 2017). However, most
previous studies have highlighted the adverse effects of DCF in
freshwater organisms, and little effort has been applied to the
study of the negative effects of this pharmaceutical in marine
organisms.

Recently, the European Union established regulatory guidance
to assess the presence of pharmaceuticals in the aquatic envi-
ronment (Directive, 2013/39/EU amending Directives, 2000/60/
EC and 2008/105/EC) (European Commission, 2013) and the
priority substances in Water Policy. Moreover, the European
Commission updated the monitoring watch list of priority sub-
stances in the field of water policy, including the sex hormones
17alpha-ethinylestradiol and 17beta-estradiol, and the non-
steroidal anti-inflammatory (NSAID) DCF (Loli�c et al., 2015). In
this context, DCF and other pharmaceuticals have been included
in monitoring programs and environmental risk assessments
around the world, for example in Canada (Kleywegt et al., 2007)
and Korea (Han et al., 2006). However, Brazilian regulation on
environmental risk assessment and PPCPs discharges remain
unchanged (Pereira et al., 2016).

Under this reasoning, the present work assumes that DCF is
capable of causing adverse effects in non-target organisms, more
specifically the marine bivalve Perna perna, at environmentally
relevant concentrations, denoting the ecological risk of this drug.
Bivalve mollusks as Perna perna play an important role at aquatic
ecosystems. They are sessile and filter large quantities of surface
water for feeding and respiration, besides to accumulate organic
pollutants and metals, and these are highly desirable features in
ecotoxicological studies (Rittschof and McClellan-Green, 2005).

Our study aimed to conduct an ecotoxicological study using a
tiered approach to determine the environmental concentration
in the water column and associated adverse biological effects.
This approach included: a) identification and quantification of
this pharmaceutical in marine water sampled near the disposal
area of the submarine sewage outfall; b) acute toxicity tests
assessing reproduction endpoints; c) 96-h exposure assay for the
evaluation of sublethal responses through biomarkers.
2. Material and methods

2.1. Chemicals

Standards of DCF (2-[(2,6-dichlorophenyl)amino]benzeneacetic
acid, CAS number 15307-79-6, purity� 98%) were obtained from
Sigma-Aldrich (Steinheim, Germany), as well as all other chemicals
used for fertilization and embryo-larval development assays and
biomarkers analysis.

2.2. Tier 0

2.2.1. Sampling sites
Water column sampling was conducted at 6 sampling sites

surrounding the submarine sewage outfall in Santos Bay during
December of 2016, considering all possibilities for plume dispersion
(Fig. 1). Surface (1m) and bottom (10m) waters were sampled
employing a Van Dorn bottle.

2.2.2. Sample preparation
For field water samples and spiked water samples analysis, the

extraction was performed according Pereira et al. (2016). Solid
phase extraction (SPE) employed Chromabond HR-X cartridges
(3mL, 200mg, Macherey-Nagel, Düren, Germany), according to
Wille et al. (2010). Prior to mass spectrometry analysis, samples
were dried with nitrogen and eluted with water/acetonitrile solu-
tion (95:5, v/v).

2.2.3. LCeMS/MS analysis
For analysis of field water samples, 10 mL of each sample was

analyzed by an HPLC Agilent 1260 (Agilent Technologies, CA, USA)
combined with a 3200 QTRAP hybrid triple quadrupole/LIT (linear
ion trap) mass spectrometer ABSciex, Ontario (Canada). Samples
were analyzed by an Agilent Eclipse XDB-C18 4.6� 50mm, 1.8 mm
column at 25 �C, and the mobile phase was in 0.1% formic acid
(Sigma-Aldrich LCeMS Grade) in water (solvent A) and acetonitrile
(J.T. Baker LCeMS Grade) (solvent B). DCF was detected and quan-
tified using ESI ionization (positive mode) and Multiple Reaction
Monitoring (MRM) mode. MRM parameters are described in
Table 1..

For determination of DCF concentration in the bioassays, 1 L of
the spiked water was collected at the beginning of the experiment
and 24 h later (at the end of the bioassays). They were then pre-
pared as the environmental samples, and mass spectrometry
analysis were performed using a Varian 310 Triple-Quadrupole
mass spectrometry (Varian Inc., Walnut Creek, CA) with an ESI
source (ESI-MS), by direct infusion. Data acquisition was controlled
with Varian MS Workstation version 6.9 (Varian Inc.). Sample
analysis was carried out in positive ESI mode with a needle voltage
of 20 kV. The capillary temperature was 200 �C, the drying gas
pressure was 20 psi and the nebulizing gas pressurewas 40 psi. DCF
was detected and quantified using Multiple Reaction Monitoring
(MRM) mode, with the selection of a precursor ion (296.1m/z) and
two ion products to quantify and qualify DCF (214.1 and 205.0m/z,
respectively) A matrix-matched calibration curve was employed, as
described by Wille et al. (2010).

2.3. Tier 1

2.3.1. Mussel acclimation and maintenance conditions
Adult mussels were acquired from a mussel farming located in

Toque Beach (S~ao Sebasti~ao, SP, Brazil), due to its good environ-
mental status (CETESB, 2016). Mussels were kept in the lab with
food supply for 72 h for acclimation.

Physical-chemical parameters of the reconstituted seawater and



Fig. 1. Sampling stations located adjacent to submarine sewage outfall in Santos Bay.

Table 1
Parameters of Multiple Reactions Monitoring for the positive and negative ion mode, limit of detection, limit of quantification and retention time.

Compounds Q1 Q3 DP (V) CE (V) CXP (V) LOD (ng$L�1) LOQ (ng$L�1) RT (min.)

Diclofenac 296.1 214.1 21 39 4 0.81 3.0 5.77
250.0 21 25 4
207.1 21 33 4

Q1 (first quadrupole); Q3 (last quadrupole); DP (Declustering potential); CE (Collision Energy); CXP (Collision Exit Potential); LOD (Limits of detection); LOQ (Limits of
quantification); RT (Retention Time); MIM (Multiple ion monitoring). In Q3, in the upper cell is the quantifier ion and in the lower cell is the qualifier ion.
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treatments were measured at the beginning and at the end of the
assays (fertilization and embryo-larval assays), or at every
replacement of test solutions (NRRT assays, session 2.4.1.1). Tem-
perature ranged from 21 �C to 23 �C, pH ranged from 8.1 to 8.25,
salinity ranged from 34 to 36 PSU, and dissolved oxygen ranged
from 6.0 to 6.8mg.L�1.
2.3.2. Fertilization and embryo-larval development assays
Fertilization assay was performed following USEPA protocol

(2002) adapted to Perna perna according to Zaroni et al. (2005). The
gametes (eggs and sperm) were obtained by thermal stimulation
(from 10 �C to 30 �C) of fifty individuals during 30min. The eggs
solution was filtered in a 0.75 mm membrane. From the sperm so-
lution, about 2mL were diluted in 48mL of reconstituted seawater.
Given the lipophilic nature of DCF and its low water solubility
(23.73mg/L at 25 �C; Research Corporation, 2006), dimethyl sulf-
oxide (DMSO) was used as carrier solvent (Parolini et al., 2011). A
solvent concentration of 1 ml.L�1 was used in each DCF concen-
tration. So, a DCF working solution (1000mg.L�1) was prepared by
diluting 100mg of DCF in 60 mL of DMSO. From this stock solution
all DCF test solutions were prepared (31.25; 62.5; 125; 250; 500 and
1000mg L�1). The sperm was exposed to two controls (seawater
and seawater plus DMSO 1 ml.L�1) for 60min, in quadruplicate.

Then, approximately 2000 ovules were added to each tube and
after 45min were added 500 mL of formaldehyde. 100 eggs from
each replicate were assessed and the observation of a fertilization
membrane or the beginning of cellular divisions was employed to
identify fertilization. Three assays were performed to obtain a
mean value of DCF concentration causing fertilization inhibition at
50% of exposed ovules (IC50).

The embryo-larval development assaywas performed according
to the protocol recommended by ASTM (1992) for mussels, with
minor adaptations proposed by Zaroni et al. (2005). Fifty in-
dividuals were induced to spawn (as described in section 2.3.2 for
the detailed characterization of this procedure). The gametes were
collected separately and the fertilization was induced adding 2mL
of sperm solution to a 2000 ovules solution. When the cleavages
began, about 500 embryos were added to each test-tube containing
different concentrations of DCF (0.01; 0.1; 1; 10 and 100mg L�1).
The test durationwas 48 h at 25 �C and salinity of 35 PSU. The assay
was conducted in quadruplicate and employed two controls
(seawater and seawater plus DMSO 1 ml.L�1), since a solvent con-
centration of 1 ml.L-1 was used in each DCF concentration. The first
100 larvae from each test-tube were assessed, considering a “D
shape” as regular development. The assay was performed three
times to obtain mean values of DCF concentration that cause
embryo-larval development inhibition of 50% of the exposed or-
ganisms (IC50; 48 h), the No Observable Effect Concentration
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(NOEC) and the Lowest Observable Effect Concentration (LOEC)
means.

2.4. Tier 2. biomarkers responses

2.4.1. Biomarker assay
2.4.1.1. Mussel exposure. Mussel P. perna (n¼ 80, 60± 1mm) were
acclimatized for one week in a 300 L aquarium filled with seawater
under controlled conditions. After this period, the mussels (n¼ 10,
1 mussel L�1) were exposed in aquaria to different concentrations
of DCF (20; 200 and 2000 ng L�1), and a solvent concentration of
1 ml.L�1 was used in each DCF concentration. These concentrations
were chosen based on data obtained from environmental moni-
toring performed by Pereira et al. (2016), which found a concen-
tration of 19.4 ng L�1 of DCF in Santos Bay. A solvent control
(1 ml.L�1) was set in parallel with the DCF bioassay, and for each
treatment, two aquaria of 10 L and 10 animals per aquaria were
used. Seawater was changed daily (24 h) and DCF nominal con-
centration was restored. Seawater was filtered (200 mm) providing
phytoplankton as mussels’ food source, and no additional food was
added. For each 48 and 96 h of exposure, themussels were removed
from the aquaria for haemolymph extraction.

Before the bioassay has started, lysosomal membrane stability
(LMS) was determined in some specimens from the acclimated
aquaria, to certify the health status of the organisms that were
exposed to the DCF concentrations. LMSwas determined by Neutral
Red Retention Time (NRRT) method (Lowe and Pipe, 1994).

2.4.1.2. Neutral Red Retention Time assay (NRRT). This method is
applied to haemolymph withdrawn from the posterior adductor
muscle of living bivalves, as described by Lowe and Pipe (1994). The
endpoint was the time when at least 50% of the examined cells by
optical microscopy (400� ) exhibited dye loss from the lysosomes
to the cytosol. After the withdrawal of their haemolymph, each
mussel was dissected, and gill and digestive gland were stored
at �80 �C until the biomarkers’ analyses.

2.4.1.3. Tissue preparation. Gills and digestive gland from each in-
dividual were excised and homogenized (homogenized frac-
tiondHF) in a TriseHCl buffer. An aliquot of the homogenate was
separated for the analysis of DNA damage and lipid peroxidation.
Another aliquot was centrifuged at 15,000� g for 20min at 4 �C
and the supernatant were employed for biomarkers de-
terminations (EROD, DBF, GST, GPx, AChE and COX). Total protein
was determined for both aliquots and tissues according to Bradford
(1976).

2.4.1.4. Ethoxyresorufin O-deethylase (EROD). Ethoxyresorufin O-
deethylase activity was assessed by the transformation of 7-
ethoxyresorufin in resorufin at 485 nm (excitation) and 580 nm
(emission) according to Gagn�e and Blaise (1993). Results were
expressed as pmol/min/mg protein.

2.4.1.5. Dibenzylfluorescein dealkylase (DBF). The activity of
Dibenzylfluorescein dealkylase was evaluated employing the
method described by Gagn�e et al. (2007). Fluorescence was
measured at 485 nm (excitation) and 516 nm (emission) and results
were expressed as pmol/min/mg protein.

2.4.1.6. Glutathione S-transferase activity (GST). Glutathione S-
transferase activity was determined by the method adapted from
McFarland et al. (1999). The rate of reaction was measured by
absorbance in a spectrophotometer at 340 nm at every 5min for
30min at 30 �C. Results were expressed as OD/min/mg proteins.
2.4.1.7. Glutathione peroxidase activity (GPX). Glutathione peroxi-
dase activity was determined following the protocol employed by
McFarland et al. (1999). Absorbance at 340 nmwas measured every
30 s for 30min and results were expressed as nmol/min/mg
protein.

2.4.1.8. DNA damage. DNA damage was assessed by the alkaline
precipitation assay (Olive, 1988) using fluorescence to measure
DNA strand breaks (Gagn�e et al., 1995). DNA strands were quanti-
fied using fluorescence 360 nm (excitation) and 450 nm (emission)
after staining with Hoechst dye. Standard solutions of salmon
sperm DNAwere used for calibration. Results were expressed as mg
DNA strands/mg protein.

2.4.1.9. Lipid peroxidation. Levels of MDA in tissues were quantified
according to Hong et al. (2000) by HPLC coupled to an UV/Vis de-
tector set at 532 nm. The MDA quantification was established on a
calibration curve using as standard MDA obtained by tetrame-
thoxypropane hydrolysis. Chromatogram monitoring and peak
identification and quantification were performed using the EZ
Chrom Elite software (Agilent Technologies). Results were
expressed as pmol TBARS/mg tissue.

2.4.1.10. Cholinesterase (ChE). Cholinesterase activity was evalu-
ated by the method described by Ellman et al. (1961). The absor-
bance at 412 nmwas measured every 1min for 7min. Results were
expressed as nmol min/mg protein.

2.4.1.11. Cyclooxygenase (COX). COX activity was measured as
described by Fujimoto et al. (2002). The samples were incubated in
50mM Tris-HCl, 0.05% Tween-20, 50 mM arachidonate, 2 mM
dichlorofluorescein and 0.1 mgmL�1 horseradish peroxidase. Fluo-
rescence was measured at 485 nm and 530 nm and results were
expressed as RFU/min/mg protein.

2.5. Statistical analysis

For the fertilization assay, an EC50 was calculated by Trimmed
Spearman-Karber. The linear interpolation method was used to
calculate the IC50 (48 h) for the embryo-larval development assay.
Biomarker results of T0, water and solvent controls (DMSO) were
analyzed by ANOVA and showed no significant differences. Thus,
two-way ANOVA followed by the Dunnett's test were used to
identify the concentrations which were significantly different, as
well as differences between the periods analyzed, employing sol-
vent control as a reference. Statistical differences were considered
significant when p� .05. Prism v.7a Software was employed for
ANOVA and post hoc analysis.

3. Results

3.1. Environmental concentration

The environmental concentrations of DCF are shown in Table 2.
DCF was quantified in Station 1 (surface and bottom) and detected
in Station 4 (bottom), but it was not detected in the reference
sampling station (6).

3.2. Fertilization and embryo-larval development assays

The measured concentrations of DCF at the beginning of the
exposure experiment for the in fertilization and embryo-larval as-
says (T0) and after 24 h (T24h) are shown in Table 3.

Fertilization ratewas significantly inhibited at all concentrations
tested (p< .05) so that a NOEC could not be provided. The LOEC of



Fig. 2. Inhibition of fertilization (A) and embryo-larval development (B) in Perna perna
after exposure to different concentrations of DCF (ANOVA - Dunnett's test, p< .05).
Error bars indicate the standard errors.

Table 4
Measured concentration of DCF in spiked water of biomarkers assays.

Nominal concentration (ng.L�1) Measured
concentration

Reduction (%)

t 0 t 24

20 22.71 <LOQ ND
200 211.33 7.20 96.59
2000 2214.66 77.69 96.49

t0, beginning of the experiment; t24, after 24 h of exposure. ND, not determined.

Table 2
Environmental concentration of DCF in surface and bottom water samples (1e6
sampling stations) from Santos Bay.

DCF concentration (ng.L�1)

1 2 3 4 5 6

Surface 4.01 <LOD <LOD <LOD <LOD <LOD
Bottom 4.78 <LOD <LOD <LOQ <LOD <LOD

<LOD, below limit of detection. < LOQ, below limit of quantification.

Table 3
Measured concentrations of DCF in spiked water of fertilization and embryo-larval
assays.

Nominal concentration (mg.L�1) Measured
concentration

Reduction (%)

t 0 t 24

0.01 0.0093 0.0003 96.77
1.0 1.5207 0.0454 97.01
31.25 41.3400 0.8300 97.99
100.0 104.5013 3.5339 96.61
250.0 260.3400 8.0100 96.93
1000.0 1013.9600 13.0800 98.71

t0, beginning of the experiment; t24, after 24 h of exposure.

M.K. Fontes et al. / Water Research 132 (2018) 361e370 365
the DCFwas 31.25mg L�1 and the EC50 was estimated at 389mg L�1

after 24 h of exposure (95% confidence of interval: 356mg L�1 -
407mg L�1). Furthermore, there was no statistically significant
difference between the control and the solvent control with DMSO
(p> .05) (Fig. 2A). Only the highest DCF concentration caused a
significant inhibition of embryo-larval development compared to
controls (p< .05) (Fig. 2B). The NOEC was at 10mg L�1, the LOEC of
the DCF was 100mg L�1 and the IC50 was 18mg L�1 after 48 h of
exposure (95% confidence of interval: 16.3mg L�1 - 20mg L�1).
Fig. 3. NRRT in hemocytes of Perna perna exposed to DCF (ANOVA - Dunnett's test,
p< .05). Asterisks indicate significance compared to control. Error bars indicate the
standard errors.
3.3. Biomarker responses

The measured concentrations of DCF at the beginning of the
exposure experiment for the biomarkers assays (T0) and after 24 h
(T24h) are shown in Table 4.

There was no statistically significant difference between water
control and the solvent control (p> .05), therefore, the concentra-
tion of DMSO applied to prepare DCF stocks did not have a toxic
effect in exposed mussels. For all biomarkers, only solvent control
DMSO was considered for statistical analysis.

The LMS of Perna was significantly affected (p< .05) compared
with control organisms, at all concentrations tested. After 48 h of
exposure, the organisms exposed to all concentrations showed a
significant decrease in the retention time of the dye. At 20 ng.L�1

the NRRT was reduced by 65% (23.57min); at 200 ng.L�1 by 52%
(32.14min) at 2000 ng.L�1 by 58% (25.5min). The reduction also
occurred after 96 h of exposure. At 20 ng.L�1 the NRRT was reduced
by 46% (35.5min); at 200 ng.L-1 was reduced by 47% (28.3min) and
at 2000 ng.L�1 was reduced by 47% (28.2min) (Fig. 3).

For gill tissues, EROD activity was inhibited at 200 ng. L�1, but
not at 20 and 2000 ng.L�1 during 96 h exposure (p< .05) (Fig. 4).
EROD activity in the digestive gland exposed to DCF showed no
significant differences between concentrations tested compared to
controls (p> .05) and there were also no significant differences
between the times analyzed (p> .05) (Fig. 5). DBF activity in the
digestive gland tissues (Fig. 5) showed no significant differences
between concentrations compared to controls and no significant
differences between exposure times (p> .05).

DCF inhibited significantly the GST activity in gill tissues (Fig. 4)
at all concentrations tested after 48 h exposure (p< .05), while at
96 h exposure only the highest concentration (2000 ng. L�1)
showed significantly lower GST activity compared to control and
with the activity measured after 48 h exposure (p< .05). In addi-
tion, between the times, there was a significant difference between
controls (p< .05), being possible to observe that 96 h exposure has
a lower GST activity than after 48 h exposure (Fig. 4). With respect
to digestive gland tissues, none of the concentrations tested were
able to induce any change over the control, but GST activity was
significantly different between times in all treatments (Fig. 5).

GPx activity in the gill tissues was inhibited at 200 ng .L�1 after
48h exposure, and a significantly different inhibition occurred at
the highest concentration (2000 ng .L�1) after 96h exposure
(p< .05), but no significant differences were observed between the
times analyzed (Fig. 4). Similarly, for the digestive gland tissues, no
significant difference was observed between the concentrations
and the control or between the times analyzed (p> .05) (Fig. 5).



Fig. 4. Biochemical biomarkers in gill tissues of P. perna exposed to DCF. Letter A in-
dicates significant differences from control (ANOVA - Dunnett's test, p< .05); letter B
indicates significant differences between times (ANOVA - Dunnett's test, p< .05). Error
bars indicate the standard errors.

Fig. 5. Biochemical biomarkers in digestive glands tissue of P. perna exposed to DCF.
Letter A indicates significant differences from control (ANOVA - Dunnett's test,
p< .05); letter B indicates significant differences between times (ANOVA, p < .05). Er-
ror bars indicate the standard errors.
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Gills tissues (Fig. 4) showed a significant decrease in DNA
damage for 200 ng$L1 and 2000 ng.L�1, compared to control, after
48 h exposure (p< .05). The DNA damage was also significantly
different between periods within control and the concentration of
20 ng.L�1 showed a greater damage after 48 h exposure. However,
for the digestive gland tissues (Fig. 5), the highest DNA damage
values were measured only at the highest concentration of
2000 ng.L�1 after 48 h exposure (p< .05). No significant differences
were observed between periods analyzed (p> .05).

LPO levels were measured through MDA quantification. In the
gill tissues (Fig. 4), 200 ng .L�1 and 2000 ng .L�1 concentrations
showed LPO levels significantly higher than control after 48 h
exposure (p< .05). Significant induction (p< .05) of LPO was also
observed in gills tissue exposed to 20 ng.L�1 concentration after
96 h exposure. Furthermore, between times, LPO levels showed
significant difference within control and within the concentration
of 20 ng. L�1 (p< .05), observable after an increase of LPO during
96 h exposure (Fig. 4). Digestive gland tissues showed significantly
lower LPO levels compared to control when exposed to 200 ng. L�1

and after 96 h exposure (p< .05). Furthermore, LPO levels were
significantly different between times within the control for con-
centrations of 20 ng .L�1 and 2000 ng .L�1 (Fig. 5).

ChE activity was induced in the gill tissues (Fig. 4) at the highest
concentration (2000 ng. L�1) at 48 h of exposure (p< .05). At the
same concentration, it was also possible to observe that there was a
significant difference in the enzymatic activity between times
(p< .05). However, in the digestive gland tissue, no significant
differences were observed between different concentrations and
control or between times analyzed (p> .05) (Fig. 5).

COX activity was significantly inhibited in the gill tissues (Fig. 4)
at concentrations of 20 ng. L�1 and 200 ng .L�1 after 48 h exposure
(p< .05) and for 200 ng .L�1 and 2000 ng.L�1 after 96 h exposure.
Between times, lower activity was observed at 96 h exposure for
control and for concentrations of 200 ng. L�1 and 2000 ng.L�1.
However, DCF induced a significantly increase in the COX activity
for the digestive gland tissues (Fig. 5) at a concentration of
200 ng.L�1 after 96 h exposure compared to control (p< .05). There
was a significant difference in activity between times within con-
trol and for concentrations of 200 ng.L�1 and 2000 ng.L�1, and it
was possible to observe an increased activity after 96 h exposure.
No significant difference was observed after 48 h exposure
(p> .05).

4. Discussion

In a previous study in Santos Bay (Pereira et al., 2016), DCF was
quantified only in the surface water sample (19.4 ng. L�1), whereas
in the current study DCF was quantified in surface and bottom
samples from station 1, and detected in station 4 (bottom). The
occurrence of DCF, especially in the bottom samples, is partially
explained by the lower sunlight in these samples, avoiding pho-
todegradation (Baena-Nogueras et al., 2017). DCF has a short half-
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life, and it is considered a pseudo-persistent contaminant because
of the continuous release in the environment and the inefficiency of
conventional effluent treatment processes, which are not able to
completely remove residual drugs (Hernando et al., 2006; Gr€oner
et al., 2017).

Degradation assays with DCF under controlled conditions have
demonstrated that the sunlight is a crucial factor for DCF degra-
dation (Poirier-Larabie et al., 2016). DCF concentrations found in
Santos bay are within the range found in previous studies in
seawater. Gros et al. (2012) found lower concentrations (4.0 ng .L-1)
in the Mediterranean Sea, whereas Fang et al. (2012) found an in-
termediate concentration of 53.60 ng .L-1 in coastal waters of
Taiwan. The study carried out by Loli�c et al. (2015) reported higher
concentrations of DCF (241 ng. L-1) in North Portugal.

There are few data available relating pharmaceutical exposure
in the marine environment and the adverse effects in organisms
from tropical coastal regions. Most studies have been evaluating
the acute toxicity of DCF in freshwater environments, and different
EC50 values have been obtained such as 5.3mg .L�1 (after 72 h
exposure) for Danio rerio (van den Brandhof and Montforts, 2010),
27.8mg .L�1 (after 24 h exposure) for Vibrio fischeri (Schmidt et al.,
2011), 68mg .L�1 (after 24 h exposure) for Daphnia magna
(Cleuvers, 2003, 2004). Liu et al. (2017) showed thatDaphnia magna
exposed to DCF at 50 mg.L�1 may present a delay in egg production,
suggesting that reproductive parameters are a sensitive endpoint
for DCF toxicity to aquatic invertebrates.

Toxicity tests using early life stages of marine organisms (gam-
etes, embryos and larval stages) have been applied to analyze the
toxicity of certain substances in a faster and more economical way
(Aguirre-Martínez et al., 2015). In our study, acute toxicity was
evaluated through fertilization (EC50¼ 389mg.L�1) and embryo
larval development assays (IC50¼18.04mg.L�1) and our results
showed that DCF might affect the reproduction of Perna perna
mussels. The larval development of Ruditapes philippinarum
exposed to DCF concentrations of 0.5 mg.L�1 was also negatively
affected (Munari et al., 2016). Fabbri et al. (2014) have shown that
even lower concentrations (10 ng. L�1) may cause changes in larval
development of Mytilus galloprovincialis, suggesting that the early
life stages are particularly affected by this compound, because
newly hatched larvae constitute a particularly critical and sensitive
life stage. Aguirre-Martínez et al. (2015) observed that embryos of
sea urchin may lose their protective membrane at hatching, and so
maymore exposed to potential toxicants. Ericson et al. (2010) noted
that concentrations of 10mg. L�1 of DCF significantly lowered scope
for growth and byssus strength in mussels Mytilus edulis trossulus.

The analysis of the toxic effects caused by certain contaminants
should take into account not only the exposure time to the
contaminant, but also the route of exposure. Generally, the diges-
tive gland is the main organ involved in xenobiotic biotransfor-
mation, often generating oxy-radicals as by products (Aguirre-
Martínez et al., 2013b). However, our results demonstrated that
the gills were the most responsive organs, showing the highest
activity after 48 h exposure. This may be related to the fact that the
gills are the first organs to come into contact with the environ-
mental contaminant and are considered the main interface be-
tween the organism, and waterborne pollutants (Trevisan et al.,
2016), triggering several reactions aimed at protecting the organ-
ism from the toxic effects of xenobiotics present in the aquatic
environment (Gonzalez-Rey and Bebianno, 2014). Furthermore, the
impact of pharmaceutical exposures on gill physiology are of spe-
cial interest, since adverse alterations of gills most likely affect
oxygen supply and consequently biochemical oxygen-dependent
reactions (Hoeger et al., 2005).

The biotransformation of foreign chemicals, including pharma-
ceuticals, was examined by cytochrome P450 activities responsible
for phase 1 biotransformation of lipophilic xenobiotics. Several
authors have reported that the induction of EROD and DBF enzymes
is directly associated with these biotransformation processes, and
this may also occur in mollusks (Gagn�e et al., 2007; Lopes et al.,
2012; Maranho et al., 2015; Siebert et al., 2017). DCF at 200 ng.L�1

significantly decreased the activity of the EROD, in accordance with
Falfushynska et al. (2014) that observed an inhibition of EROD ac-
tivity in mussels exposed to NSAIDs. Laville et al. (2004) also re-
ported EROD inhibition in Onchorynchus mykiss exposed to DCF,
suggesting that there is a specific interaction between this phar-
maceutical or its metabolites and P450 dependent enzymes.
Aguirre-Martínez et al. (2016) observed an inhibition of DBF ac-
tivity in mollusks exposed to anti-inflammatory Ibuprofen (IBU),
but in our study the activity of DBF was not affected by DCF. Indeed,
there is a gap in knowledge regarding the role of mussels’ cyto-
chrome P450 (Aguirre-Martínez et al., 2013b).

GPx and GST activities were also inhibited by DCF. GST repre-
sents themajor conjugating enzyme in bivalves (Gagn�e et al., 2007),
and contributes to the phase II biotransformation of xenobiotics
(Aguirre-Martínez et al., 2013b). Furthermore, in bivalves, GST
represents the main conjugating enzyme and plays an important
role in phase II biotransformation, especially in digestive gland,
while it performs a prevalent antioxidant activity in gills. Our re-
sults agree with Schmidt et al. (2014) where a significant reduction
in the activity of the antioxidant system of mussels exposed to DCF
occurred at concentrations of 1 mg. L�1 and 1000 mg .L�1, suggesting
a potential role of oxidative stress by DCF. Parolini et al. (2009) also
showed that DCF caused an inhibition of GST activity in Dreissena
polymorpha. Studies conducted by Guiloski et al. (2015) with
Hopilas malabaricus exposed to DCF also showed a reduction in GST
activity at all concentrations tested (0.2 mg.kg�1, 2.0 mg. kg�1 and
20 mg .kg�1), suggesting that biotransformation was inhibited.

GPx is responsible for catalyzing the reduction of hydrogen
peroxide and lipid peroxide and a decrease in its activity may
indicate that the anti-oxidant capacity was suppressed, favoring
the occurrence of lipid peroxidation processes (Lu et al., 2013). Our
results indicate a decrease in GPx activity at the concentrations of
200 ng. L�1 at T 48 h and 2000 ng. L�1 at T 96 h. This ability of DCF to
inhibit GPx activity has also been reported in studies with Cyprinus
carpio (Sanjuan-Reyes et al., 2013) and Hopilas malabaricus
(Guiloski et al., 2015), and both authors pointed out that inhibition
of antioxidant defenses can increase the susceptibility to oxidative
stress.

Pharmaceutical compounds are involved in the production of
reactive oxygen species (ROS), and are able to cause adverse effects
in both target and non-target organisms, besides altering the
oxidative state of the cells during the metabolism of xenobiotics
(Aguirre-Martínez et al., 2013b). ROS are normally produced by
several kinds of chemical compounds such as NSAIDs after the
metabolic processes, generating reactive products capable of
inducing oxidative stress (G�omez-Oliv�an et al., 2014), and causing
lipid peroxidation, changes in gene expression, DNA damage and
inactivation of enzymes can occur especially when the antioxidant
defenses are overwhelmed (Diniz et al., 2015). Nevertheless, our
results showed a reduction in DNA damage levels in gills exposed to
a concentration of 200 ng.L�1 after 48 h exposure, suggesting that
DCF exposure may stimulate another defense or repair mechanism
to counteract or prevent DNA damage (Schmidt et al., 2014). Ching
et al. (2001) observed that a DNA repair system might be activated
after the mussel accumulates sufficient concentrations of toxicants
above a specific threshold that enables the repair mechanism.

Genotoxicity was observed only in the digestive gland exposed
to 2000 ng. L�1 after 48 h exposure, corroborating with Parolini
et al. (2009) who also noted that DCF could induce DNA damage.
Ribas et al. (2016) also recorded damage in Hoplias malabaricus
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exposed to a concentration of 0.18 ng .mL�1. DNA damage may
generate several negative effects in organism such as mutations,
chromosomal changes or carcinogenesis, compromising the
reproduction and survival of the organism (Morachis-Valdez et al.,
2015).

Malondialdehyde (MDA) content was used as an indicator of
lipid peroxidation and our results also showed an MDA increase in
gill tissues exposed to concentrations of 200 ng .L�1 after 48 h
exposure. This ability of DCF to induce lipoperoxidation corrobo-
rates with Kummerov�a et al. (2016), which observed damage to cell
membranes after an increase of MDA in Lemma minor exposed to
DCF. Saucedo-Vence et al. (2015) and Guiloski et al. (2015) also
noticed an increase in MDA levels in fishes exposed to this phar-
maceutical. Occurrence of LPO in mussels exposed to DCF has been
demonstrated in several studies (Quinn et al., 2011; Schmidt et al.,
2011; Gonzalez-Rey and Bebianno, 2014). The occurrence of LPO is
associated with oxidative stress and may lead to cell injury, protein
and membrane damage. Therefore, we believe that this lip-
operoxidation process is responsible for the decrease in the lyso-
somal membrane stability (LMS) observed in the cytotoxicity assay.

DCF possibly contributed to a significant lysosomal damage,
specifically lysosomal membrane destabilization in the cytotoxicity
assays, since the lysosomes may accumulate several xenobiotics,
dyes and drugs (Moore et al., 2008). Therefore, the NRRT assay is
based on the fact that healthy cells retain the dye longer compared
to lysosomes affected by contaminants, and has been included in
environmental quality monitoring studies (Viarengo et al., 2007).
When the lysosomal membrane is destabilized, the neutral red will
leak into the cytosol of the cell quickly (Lowe and Pipe, 1994),
therefore NRR assay is commonly used as a biomarker to monitor
marine environments (Francioni et al., 2005; Aguirre-Martínez
et al., 2013a).

Our results demonstrated a lysosomal membrane destabiliza-
tion in all concentrations tested, starting from environmental
concentrations of 20 ng .L�1. Parolini et al. (2009, 2012) showed a
lysosomal membrane destabilization in D. polymorpha mussels
exposed to concentration of 250 mg. L�1 of DCF, and 1.5 mg .L�1 of a
NSAID mixture. Studies carried out by Aguirre-Martínez et al.
(2013a) also observed lysosomal membrane destabilization in
mussels exposed to NSAID, with reductions of up to 60% in the
NRRT, corroborating with the data obtained in our study. The
lysosomal membrane destabilization is of concern since it may
affect the cellular nutrition, immunological defense, besides pro-
ducing negative effects during embryogenesis, leading to distur-
bances on larval development (Pereira et al., 2014).

NSAIDs promote the non-selective inhibition of cyclooxygenase
isoforms (COX-1 and COX-2), reducing the biosynthesis of pro-
inflammatory prostaglandins (PGs) from phospholipid arach-
idonic acid (AA) (Fent et al., 2006). Thus, important physiological
functions such as water transport, osmoregulation, reproduction
and immune defense may be affected (Gonzalez-Rey and Bebianno,
2014). Our results showed an inhibition of COX activity in gill tis-
sues and agree with Gagn�e et al. (2005), which observed an inhi-
bition of enzymatic activity in Ellipio complanata exposed to the
NSAID ibuprofen. Mehinto and Hill (2010) described a significant
reduction in the activity of COX-1 and COX-2 in the gills of the fish
Oncorhynchus mykiss, leading to a reduction in the production of
eicosanoids that may affect blood coagulation, homeostasis and
immune response in these organisms. Ardaillou et al. (1987)
observed that an increase of ROS is associated to an AA conver-
sion via LOX pathway, while the inverse effect can be found when
transformed into prostaglandins via COX pathway, events that are
associated with processes of phagocytosis and concentration of
hemocytes in invertebrates (Delaporte et al., 2006). Therefore,
Gonzalez-Rey and Bebianno (2011) hypothesized that a possible
accumulation of AA in cells due to blockage or decrease of COX
activity may induce an increase in H2O2 production, altering the
oxidative state of the cells. COX expression has been investigated in
bivalve mussels (Gagn�e et al., 2008). Quinn et al. (2011) observed
that mussels exposed to DCF showed higher LPO levels, directly
associated with oxidative stress, resulting in the oxidation of
polyunsaturated lipids and may be a negative effect of COX-2 in-
hibition or peroxisome proliferators where oxidation occurs. In
aquatic invertebrates, PGs are involved in several important pro-
cesses as, oogenesis, spermatogenesis, immune defense and ion
transport (Rowley et al., 2005; Schmidt et al., 2011).

ChE is one of the most effective biomarkers of xenobiotic-driven
neurologic alterations in aquatic species, and its activity is critical
for the neuromuscular system. AChE induction is associated with
cell apoptosis because AChE is released after cell membrane
disruption (Zhang et al., 2002). Measurement of AChE inhibition
has been used as a biomarker of effect on nervous system following
exposure to emerging pollutants (Lionetto et al., 2013), but our
results showed an increased enzymatic activity in gill tissues. These
results agree with Gonzalez-Rey and Bebianno (2014) that also
observed an induction of AChE activity in Mytilus galloprovincialis
exposed to concentration of 250 ng .L�1 DCF. Zhang et al. (2002)
noted that AChE induction is associated with cell apoptosis in
various mammalian cells, probably because a cell membrane
disruption promotes a release of ChE. The cytotoxicity represented
by lysosomal membrane disruption, as well as high levels of MDA
found in gill tissues, may be related to increased ChE in these tis-
sues. Similarly, Falfushynska et al. (2014) reported an intense
apoptotic process inmussels’ gills due to high levels of caspase gene
expression in these organs, aiming at eliminating damaged cells.

5. Conclusions

This study has shown that acute exposure of DCF in order to
mg.L�1 was able to impair reproductive parameters of the brown
mussel Perna perna. Nevertheless, environmental relevant con-
centrations triggered cellular and physiological damages through
lipid peroxidation, lysosomal membrane destabilization and COX
inhibition. These biomarker responses were linked to DCF mode of
action. Hazard characterization employing sublethal effects with
ecological relevance (e.g. cytotoxicity) provided valuable informa-
tion on health status disturbances caused by this NSAID to a non-
target marine organism.
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